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Since the late 1990s, the use of nano zero valent iron (nZVI) for groundwater remediation has been inves-
tigated for its potential to reduce subsurface contaminants such as PCBs, chlorinated solvents, and heavy
metals. nZVI shows tremendous promise in the environmental sector due to its high reactivity and as
such, numerous laboratory and field studies have been performed to assess its effectiveness. This paper
reviews the current knowledge of nZVI/bimetallic technology as it pertains to subsurface remediation of
chlorinated solvents and heavy metals. The manuscript provides background on the technology, summa-
rizing nZVI reactions with chlorinated solvents and metals, and examines the factors affecting nZVI
reactivity. Studies on subsurface transport of bare and coated nZVI particles are also reviewed and chal-
lenges with field implementation are discussed. This manuscript offers a comprehensive review of nZVI
technology and highlights the work still needed to optimize it for subsurface remediation.

� 2012 Elsevier Ltd. All rights reserved.
1. Introduction

In the past, liquid wastes were disposed through direct pump-
ing into the ground, migrated into the ground from leaky storage
ponds and through surface spills, with no recognition of the likeli-
hood that these wastes could persist in the subsurface for decades,
potentially contaminating drinking water sources. Effluent slurries
with high heavy metal content and non-aqueous phase liquids
(NAPLs) are two common waste liquids that have been frequently
disposed of improperly following a variety of industrial processes.
Both heavy metals and chlorinated solvents, a particularly persis-
tent NAPL contaminant, can contaminate water sources for
decades and are one of the more common contaminants at brown-
field and industrialized sites. Although a number of innovative
remediation technologies have been developed, such as steam
and density modified displacement, stabilization/solidification
and in situ redox manipulation e.g. [1–4], existing technologies
are rarely able to achieve clean up goals in contaminated aquifers
at the completion of remedial activities. The problem relates to the
inability of existing remedial technologies to remove, sequester or
convert sufficient contaminant mass in the subsurface to signifi-
cantly reduce aqueous phase concentrations and contaminant flux.
The decisions related to site remediation are therefore still subject
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to considerable debate despite over two decades of active research
and development [5,6]. The development of new and innovative
remediation technologies is, therefore, crucial to achieve clean up
goals at contaminated sites and ensure an abundant source of safe
water for future generations.

The use of nanometals for subsurface remediation of chlori-
nated compound and heavy metal contaminated sites has received
significant attention in part due to the ability of nanometals to rap-
idly transform contaminants in controlled laboratory experiments.
Nanometals used for these purposes include nano iron and zinc,
however nanoscale zero valent iron (nZVI) is most commonly used.
In addition, other metals such as palladium or nickel have been
added to increase the reduction rate. This combination of nZVI
with a noble metal is referred to as a bimetallic nanometal. The
reactivity and the availability of existing technology to precisely
design and synthesize nanometals make nanometals particularly
attractive for the remediation of subsurface contaminants. This
remediation technology involves a series of steps for nanometals:

(1) transport, in the aqueous phase (or other delivery fluid), to
the contaminated zone;

(2) attachment to soils in the contaminated zone or partitioning
to the NAPL/aqueous phase;

(3) reaction with the target contaminant to form less toxic or
less mobile products.

Nanometals have potential for use in remediation of a wide
range of priority pollutants as indicated by a number of controlled
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laboratory experiments e.g. [7–15]. However, further work is nec-
essary to address the complexities associated with nanometal
application at the field scale. For example, nanometals may react
with various naturally occurring groundwater constituents
decreasing the reducing equivalents available for reaction with
the target contaminants. Another problem that has hampered
the widespread implementation of nanometals is poor subsurface
mobility. Due to strong attractive interparticle forces, primarily
magnetic, nZVI, the typical nanometal used for remediation, tends
to agglomerate to micron size particles, which have limited
mobility in porous media. To overcome this problem, various
polymers, and other coatings, have been used to stabilize nZVI
particles, with varying degrees of success e.g. [16,17–24]. A num-
ber of field trials have been conducted to evaluate nZVI mobility
and the impact of nZVI on chlorinated solvent contaminant mass
and flux. However, several field scale applications have suffered
from poor nZVI mobility [25,26]. Other studies have inferred good
nZVI mobility but these mobility evaluations were based on mea-
surements of contaminant reductions or total iron (i.e., including
dissolved iron species) in wells downgradient of the injection well
[27,28], rather than direct measurement of Fe0 concentrations. Gi-
ven these limited studies, additional work is required to assess
field mobility and performance of nZVI/bimetallic nanometals at
the field scale.

The goal of this review is to present the current state of knowl-
edge related to the use of nZVI/bimetallic nanometals for the in situ
remediation of chlorinated solvents and heavy metals. This work is
divided into six main sections: nanometal reactivity with chlori-
nated compounds; reactivity with heavy metal target contami-
nants; factors affecting nZVI reactivity; nanometal mobility in
controlled laboratory experiments; the current state of modeling
nZVI subsurface transport; and outcomes of a series of nanometal
field trials and lessons learned. Although nanometals have been
used for the remediation of a variety of priority pollutants this
work focuses on two classes (heavy metals and chlorinated sol-
vents) that are of particular concern. Throughout this work, addi-
tional research needs and unresolved challenges are highlighted
providing a comprehensive review as well as a look to the future
of nZVI/bimetallic subsurface remediation.
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Fig. 1. Core–shell structure of nZVI depicting various mechanisms for the removal
of metals and chlorinated compounds. Adapted from Li et al. [62].
2. Background

2.1. Development of zero valent metals for remediation

Although environmental nanotechnology for remediation appli-
cations was mainly developed in the last decade following the
seminal work of Wang and Zhang [29], larger micron and millime-
ter size metals for contaminant destruction have been employed
for some time. The first use of zero valent metals for degradation
of chlorinated compounds in the environment was studied by
Sweeney and Fischer [30] who used metallic zinc for the degrada-
tion of halogenated organic compounds. Subsequently, iron
powder was used for the removal of chlorinated compounds from
wastewater [31,32] as well as contaminated groundwater [33–35].

Gillham and O’Hannesin [34] were the first to show the effec-
tiveness of zero valent iron (ZVI) for chlorinated ethane, ethene
and methane degradation with normalized (to 1 m2/ml) contami-
nant half-lives ranging from 0.013 to 20 h based on a series batch
tests with ZVI. Matheson and Tratnyek [36] also reported rapid
dehalogenation of carbon tetrachloride (CT) and chloroform using
iron particles. In addition, ZVI was found to be effective for the
remediation of a variety of priority pollutants, including metals
[37–43], polychlorinated biphenyls (PCBs) [44,45], chlorinated
pesticides [46–48], nitro aromatic compounds [49–51] and nitrates
[52,53].
These studies, along with others [54–56], have resulted in appli-
cation of ZVI, mostly in the form of permeable reactive barriers
(PRBs) [33,38,57–61]. Although PRBs are effective at limiting off
site migration of contaminants, they do not specifically target con-
taminant source zone remediation and have limited applications
due to construction restrictions (i.e. depth of wall). Wang and
Zhang [29] reported a method of synthesizing nanoscale ZVI
(nZVI). This breakthrough was important for two reasons: the nZVI
particles have a very high surface area to weight ratio, resulting in
higher reactivity rates than micron scale ZVI when normalized to
mass [12,29,35,62–64] and nZVI particles are smaller than most
porous media pore throats. As a result, nZVI particles could theo-
retically be transported through the subsurface to a contaminant
source zone. Since 1997, many studies have shown that nanomet-
als are able to rapidly degrade a wide variety of priority pollutants
e.g. [8,10,12–15,65]. Bimetallic nanoparticles and stabilizers have
also been investigated and have been shown to enhance the
reactivity and mobility of nanoparticles, respectively
[11,16,21,27,66,67].
2.2. nZVI particle structure

Bare nZVI particles are typically less than 100 nm in diameter.
In aqueous solutions, all nZVI particles react with water and
oxygen to form an outer iron (hydr)oxide layer. As a result, nZVI
particles have a core-shell structure [63,65,68] (Fig. 1). The thin
and distorted oxide layer allows electron transfer from the metal
(1) directly through defects such as pits or pinholes, (2) indirectly
via the oxide conduction band, impurity or localized band, and (3)
from sorbed or structural Fe2+, thus sustaining the capacity of the
particles for reduction of contaminants [62]. The outer (hydr)oxide
layer may also act as an efficient adsorbent for various contami-
nants, including metals, as will be discussed in Section 4.

nZVI can be synthesized by a number of methods, including the
sonochemical method, the electrochemical method, the gas phase
reduction method, and the liquid phase reduction method
[29,69–72]. Among these, gas phase reduction and liquid phase
reduction are the most common methods for synthesizing nZVI
for remediation purposes. nZVI particles synthesized by these
methods rapidly develop a core-shell structure due to reaction
with air or water, but may differ in particle size, surface area, de-
gree of crystallinity, and thickness and composition of oxide shell
[12,63,73]. Reactive nanoscale iron particles (RNIP), commercially
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available from Toda Kogyo Corp., are produced by reducing goe-
thite and hematite particles at high temperatures with hydrogen
gas [63,69]. These particles are made up of a relatively large a-Fe
core and an outer magnetite (Fe3O4) shell [12,63,74], with reported
particle diameters of 40–70 nm [12,63,74–76]. a-Fe can be defined
as an allotropic form of pure iron having a body centered cubic
(bcc) crystal structure [77]. Synthesizing nZVI using sodium boro-
hydride (FeBH) results in amorphous particles with an a-Fe core
and an outer shell consisting of iron (hydr)oxides [62,63,78]. These
particles are typically 10–100 nm in diameter e.g. [12,15,29,63,75].
Although Wang and Zhang [29] identified a ‘‘periodic arrangement
of iron atoms’’ using XRD analysis, which is indicative of crystal
structures, FeBH nanoparticles have typically been characterized
as amorphous [79]. This may be because even though FeBH parti-
cles have a crystalline core, the core diameters for FeBH are much
smaller in size (<1.5 nm) than RNIP core diameters (30 nm) [63].
XRD studies also showed that FeBH cores were less ordered than
RNIP cores [75]. These differences in nZVI structural properties
strongly influence particle reactivity and the aging of particles,
and therefore the particle efficiency (fraction of added Fe0 in nZVI
particles that is used in degrading contaminant) [12,63,75]. Liu
et al. [75] examined the reductive dechlorination rates of FeBH

when the Fe0 core was poorly ordered/amorphous and the Fe0

had been crystallized through annealing. The amorphous FeBH pro-
duced a greater reaction rate and extent of dechlorination of TCE
with ethane as major end product when H2 was externally sup-
plied. In contrast, the rates of TCE dechlorination for the crystalline
FeBH were similar in the presence and absence of externally sup-
plied H2. These results indicate that the amorphous Fe0 in FeBH

can catalyze the reaction of H2 with chlorinated solvents, while
the crystalline forms of Fe0, such as in RNIP [12] would not have
this catalytic effect. The crystallization of these particles resulted
in less H2 activation and slower TCE dechlorination, with acetylene
as the major end product. Liu et al. [12] also found that FeBH effi-
ciency was much higher than RNIP (92–52% respectively) with
some inaccessible Fe0 remaining in the RNIP particles but not in
the FeBH particles. These studies show that the reactivity and effi-
ciency of nanoparticles is dependent on particle characteristics
and is an important consideration for remediation activities.
3. Reaction of chlorinated solvents with nanometals

As a strong reductant (i.e., reduction potential of �0.440 V [80])
iron reduces chlorinated compounds by reductive dehalogenation
while being oxidized:

Fe0 !E0¼�0:44 V
Fe2þ þ 2e� ð1Þ

Arnold and Roberts [54] and Li and Farrell [81] describe reductive
dehalogenation via two reactive pathways: hydrogenolysis, and
reductive elimination (dihaloelimination). Arnold and Roberts [54]
note that reductive dehalogenation can occur via more than one
pathway simultaneously in the same system.

Hydrogenolysis of chlorinated compounds, such as trichloroeth-
ene, involves replacement of a chlorine atom by a hydrogen atom
and requires an electron donor as well as a proton donor (hydro-
gen) [82]. The general equation for reduction of chlorinated
compounds by hydrogenolysis is [35,36]:

ClHC ¼ CCl2 þ 2e� þHþ ! ClHC ¼ CHClþ Cl� ð2Þ

In reductive elimination (a or b), chlorine atoms are released by the
chlorinated compound without addition of hydrogen. b-Elimination
releases chlorine atoms, resulting in the decrease in the degree of
saturation of the carbon–carbon bond. Eq. (3) is an example of
b-elimination of a chlorinated ethene (such as TCE to
chloroacetylene):

ClHC ¼ CCl2 þ 2e� ! HC � CClþ 2Cl� ð3Þ

b-Elimination can also occur with chlorinated ethanes, such as 1,2-
DCA to vinyl chloride.

a-Elimination can also lead to dehalogenation of chlorinated
compounds. This pathway is typically associated with compounds
that have both chlorine atoms located on the same carbon and
results in the formation of a carbene radical that can react rapidly
to form ethene, avoiding the formation of vinyl chloride [54]:

Cl2C ¼ CH2 þ 2e� ! H2C ¼ C : þ2Cl� ð4Þ

Another reaction that is pertinent to systems undergoing reductive
dechlorination is hydrogenation, which involves the addition of
hydrogen across a double or triple carbon–carbon bond, converting
alkynes to alkenes (acetylene to ethene for example) and alkenes to
alkanes (ethene to ethane for example). This is often the last reac-
tion after a or b-elimination and is often catalyzed with another
metal or atomic hydrogen [12,36,83].

Iron can also react with water producing hydrogen gas [12,35]:

Fe0 þ 2H2O! Fe2þ þH2 " þ2OH� ð5Þ

This can lead to the formation of iron (hydr)oxide precipitates (e.g.
Fe(OH)2) resulting in the formation of a surface layer on nZVI
particles [36,57,84].

Irrespective of the reductive pathway, electrons needed for
reductive dehalogenation can be donated via three different mech-
anisms as described in Matheson and Tratnyek [36]. Direct oxida-
tion of elemental iron at the metal surface transfers electrons to
the reduced compound (Eq. (1)) and allows for dehalogenation of
chlorinated compounds. The reduction of water (Eq. (5)) leads to
the formation of hydrogen gas which can act as a reductant [12].
Dehalogenation with hydrogen as direct electron donor often
requires a catalyst as H2 alone is not a good reductant [36]. Fe2+

can also be oxidized to Fe3+ producing reducing equivalents for
dehalogenation. This is a slow process and often requires the pres-
ence of ligands [36].

One significant concern of any remediation technology is the
formation of daughter products that are more toxic than the parent
compounds. Although hydrogenolysis can be an important dehalo-
genation pathway for many chlorinated solvents, the formation of
vinyl chloride (VC) following the hydrogenolysis of PCE, TCE and
cis-DCE is undesirable. In contrast, VC is not formed in the b-elim-
ination of TCE [54]. However, Su and Puls [85] reported that TCE
may be degraded by ZVI through both reaction pathways. Reduc-
tive dehalogenation studies with micro-sized ZVI suggest that
the reduction of TCE and PCE using ZVI typically results in ethene
and ethane with VC typically less than 10% of the daughter prod-
ucts [35,81], which may be an indication that b-elimination is
the major pathway, or that any VC formed is rapidly degraded in
the presence of ZVI. Arnold and Roberts [54] showed that b-elimi-
nation is much more common with chlorinated ethenes that
possess a,b-pairs of chlorine atoms (e.g., TCE and PCE). Dehalogen-
ation of chlorinated alkynes and carbon tetrachloride (CT) have
been reported to follow hydrogenolysis [36,54]. Arnold and Rob-
erts [54] propose that the reduction of 1,1-DCE to ethylene occurs
via a-elimination (Eq. (4)), also avoiding the formation of VC.

These aforementioned studies investigating reductive dehalo-
genation pathways used micro-scale zero valent iron. Limited work
has been completed examining the pathways associated with nZVI
and the reductive degradation of chlorinated compounds although
there is some evidence that the pathways are similar to the ones
taken by larger ZVI particles. However, the pathway also seems
to be dependent on the type of nanoparticle used [75,86], as well



Table 1
Standard redox potentials (E0) in aqueous solution at 25 �C [80,219].

Aqueous solution Half reactions E0 (V)

Chromium (Cr) CrO2�
4 þ 8Hþ þ 3e� $ Cr3þ þ 4H2O 1.51

Chromium (Cr) Cr2O2�
7 þ 14Hþ þ 6e� $ 2Cr3þ þ 7H2O 1.36

Platinum (Pt) Pt2+ + 2e�M Pt 1.19
Palladium(P) Pd2+ + 2e�M Pd 0.92
Mercury (Hg) Hg2+ + 2e�M Hg 0.86
Silver (Ag) Ag+ + e�M Ag 0.80
Arsenic (AsV) H3AsO4 + 2H+ + 2e�M HAsO2 + 4H2O 0.56
Copper (Cu) Cu2+ + 2e�M Cu 0.34
Uranium (U) UO2þ

2 þ 4Hþ þ 2e� $ U4þ þ 2H2O 0.27

Arsenic (AsIII) H3AsO3 + 3H+ + 3e�M As + 3H2O 0.24
Copper (Cu)+ Cu2+ + e�M Cu+ 0.16
Lead (Pb) Pb2+ + 2e�M Pb �0.13
Nickel (Ni) Ni2+ + 2e�M Ni �0.25
Cadmium (Cd) Cd2+ + 2e�M Cd �0.40
Iron (Fe) Fe2+ + 2e�M Fe �0.44
Zinc (Zn) Zn2+ + 2e�M Zn �0.76
Barium (Ba) Ba2+ + 2e�M Ba �2.92
1,2-Dichloroethane ClH2C–CH2Cl + 2e�M H2C@CH2 + 2Cl� 0.74
Carbon ttrachloride (CT) CCl4 + H+ + 2e�M CHCl3 + Cl� 0.67
Tetrachloroethylene

(PCE)
Cl2C@CCl2 + H+ + 2e�M Cl2C@CHCl + Cl� 0.57

Trichloroethylene (TCE) Cl2C@CHCl + H+ + 2e�M Cl2C@CH2 + Cl� 0.53
Vinyl chloride (VC) ClHC@CH2 + H+ + 2e�M H2C@CH2 + Cl� 0.45
1,1-Dichloroethene (1,1-

DCE)
Cl2C@CH2 + H+ + 2e�M ClHC@CH2 + Cl� 0.42
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as, the type of compound under investigation [15]. For example,
similar to Arnold and Roberts [54], who used microscale ZVI, Song
and Carraway [15] reported that chlorinated alkanes that possess
a,b-pairs of chlorine atoms (i.e., each chlorine atom is on a differ-
ent carbon atom such as hexachlorethane and perchloroethane)
will undergo b-elimination when reduced by FeBH, while hydrog-
enolysis and a-elimination can both occur for compounds with
all chlorine atoms on the same carbon (e.g., 1,1-DCA, 1,1,1-TCA).
Liu et al. [12] compared the pathways for RNIP and FeBH nanopar-
ticles under high and low TCE concentrations and found that the
governing pathway was b-elimination for RNIP (as indicated by
acetylene production) and primarily hydrogenolysis for FeBH parti-
cles. Reaction with FeBH also resulted in higher amounts of ethane
than with RNIP. Only trace amounts of chlorinated by-products,
such as cis-DCE and VC, were observed after reaction with both
FeBH and RNIP in spite of the different dominant pathways. FeBH

particles also increased dechlorination rates (higher ksa – surface
area normalized rate constant, L m2/min) with both high and low
TCE concentrations. Liu et al. [12] suggest that this is due to the
catalysis of the reaction between TCE and H2 that occurs with FeBH.
Elsner et al. [86] also compared the reactivity of FeBH and RNIP
with chlorinated ethenes using isotope analysis. Their conclusions
are consistent with previous findings [12], that FeBH produced
greater reaction rates than RNIP and that FeBH reduced chlorinated
ethenes primarily through hydrogenolysis while RNIP reduced
chlorinated ethenes primarily via b-elimination. Unlike microscale
iron, where the compound plays a controlling factor in the path-
way [54], nZVI studies suggest that pathways also depend on the
form of zero valent iron in the particles.

Biodegradation of chlorinated ethenes (PCE and TCE) can also
occur via hydrogenolysis. However, biodegradation of chlorinated
ethenes can lead to production of substantial concentrations of
VC. For example, Dehalococcoides (Dhc) strain 195 degrades VC
cometabolically [87], leading to accumulation of VC in the biodeg-
radation of PCE and TCE [88,89]. Isalou et al. [90] measured VC con-
centrations of 35.9 mg/L in columns with Dhc Strain 195 degrading
100 mg/L of PCE while Hood et al. [91] reported VC concentrations
of approximately 60 mg/L after bioremediation activities at a TCE
contaminated site. Other Dhc strains can biodegrade VC metaboli-
cally, and therefore produce lower peak VC concentrations. For
example, Morrill et al. [92] used KB-1 (a mixed microbial culture
that includes two strains of Dhc) in a bioaugmentation lab test
and reduced TCE concentration to ethene, with final VC concentra-
tions up to 8.9 mg/L. In studies of reductive degradation of TCE and
PCE by nZVI, VC is consistently found only in trace amounts or non-
detect [11,12,81], much lower than from biodegradation, likely due
to the dominance of the b-elimination pathway with nZVI.

With nZVI injection the redox potential may be decreased sub-
stantially, leading to a potential increase in anaerobic microbial
activity and biodegradation. In addition, microbes that dehalogen-
ate chlorinated ethenes may use the H2 produced from nZVI reac-
tion with water. However, when Xiu et al. [93] examined the use of
nZVI (RNIP) with a Dhc containing culture, they found that nZVI in-
creased methanogenesis due to the production of H2, and a tempo-
rary inhibition of TCE dechlorination was observed. The onset of
accelerated TCE dechlorination and growth of dechlorinators was
hypothesized to be due to passivation of nZVI. Xiu et al. [94]
suggested that coating the nZVI particles with a copolymer could
minimize the inhibitory effect on biodechlorination of chlorinated
ethenes.

The addition of a second noble metal (e.g., Pd, Pt, Ni, Ag, or Cu)
to the surface of nZVI particles yields bimetallic nanoparticles. Pal-
ladium is by far the most widely used metal for dehalogenation
[95] and has been shown to act as a catalyst, greatly enhancing
rates of reaction with nZVI e.g. [11,21,96,97–99]. Bimetallic nano-
particles are further discussed in Section 5.6.
4. Reaction of heavy metals with nanometals

Nanometals have been proposed for use in the remediation of a
variety of contaminants, including heavy metals. The transforma-
tion, solubility, mobility, and consequently toxicity, of heavy metals
in the environment are governed by redox reactions, precipitation/
dissolution reactions, and adsorption/desorption phenomena.
Water treatment strategies for removal of metal contaminants typ-
ically involve manipulating these mechanisms to control the avail-
ability and toxicity of metal contaminants to biota. The solubility,
mobility and toxicity of metals of environmental concern are
strongly dependent upon their oxidation states. For example, at
its higher oxidation state chromium (Cr6+) is very toxic, whereas
Cr3+, an essential nutrient, is relatively non-reactive but can be toxic
in large doses. Moreover, Cr6+ is highly soluble and mobile in soils
whereas Cr3+ forms relatively insoluble oxide and hydroxide com-
pounds [100]. Given the strong dependence of Cr mobility and tox-
icity on its redox state, remediation technologies that reduce Cr6+,
such as a reduction by Fe0, are of significant interest.

The specific removal mechanisms involved in treatment of hea-
vy metal contamination with ZVI depend on the standard redox
potential (E0) of the metal contaminant (Table 1). Metals that have
an E0 that is more negative than, or similar to, that of Fe0, (e.g., Cd
and Zn) are removed purely by adsorption to the iron (hydr)oxide
shell. Metals with E0 much more positive than Fe0 (e.g., Cr, As, Cu,
U, and Se) are preferentially removed by reduction and precipita-
tion [65]. Metals with slightly more positive E0 than Fe0, (e.g., Pb
and Ni) can be removed by both reduction and adsorption. Oxida-
tion and co-precipitation by iron oxides are the other possible reac-
tion mechanisms depending upon the prevailing geochemical
conditions such as pH, Eh and initial concentration and speciation
of contaminant metals (Fig. 1). A group of metals (i.e., Pd, Pt, Ni, Cu)
exhibiting catalytic properties, if present in oxidized forms in solu-
tion, can be reduced by nZVI to create bimetallic nanoparticles
(Fe0/M0) enhancing the rate of reaction of contaminants (see Sec-
tion 5.6). A variety of surface analysis techniques, including X-ray
photoelectron spectroscopy (XPS), extended X-ray absorption
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spectroscopy (EXAFS), X-ray absorption near edge structure spec-
troscopy (XANES), X-ray diffraction (XRD) and scanning transmis-
sion electron microscopy (STEM) with energy dispersive X-ray
(EDX), can be used to investigate the metal removal mechanisms
associated with nZVI.

The metal-nZVI interactions for various metals can be catego-
rized as:

1. Reduction – Cr, As, Cu, U, Pb, Ni, Se, Co, Pd, Pt, Hg, Ag.
2. Adsorption – Cr, As, U, Pb, Ni, Se, Co, Cd, Zn, Ba.
3. Oxidation/reoxidation – As, U, Se, Pb.
4. Co-precipitation – Cr, As, Ni, Se.
5. Precipitation – Cu, Pb, Cd, Co, Zn.

Some of the metals that can react with nZVI by more than one
mechanism are reviewed here in detail.

Chromium (Cr) is a common pollutant at industrial waste sites
and can be present in both trivalent (Cr3+) and hexavalent (Cr6+)
states. The carcinogenic, soluble and mobile Cr6+ may be reduced
to less toxic Cr3+ by nZVI and immobilized by precipitation as
Cr(OH)3 or by incorporation into the iron (hydr)oxide shell forming
alloy-like Cr3+–Fe3+ hydroxides [10,101,102]. Some Cr6+ will also di-
rectly adsorb on the hydr(oxide) shell of nZVI. These removal mech-
anisms have been confirmed by XPS, XANES and EXAFS analyses
[10,101]. Relevant reactions between Cr and nZVI include [10]:

(A) Reduction of Cr6+ to Cr3+:

3Fe0 þ Cr2O2�
7 þ 7H2O! 3Fe2þ þ 2CrðOHÞ3 þ 8OH� ð6Þ

(B) Formation of mixed Cr3+–Fe3+ hydroxides:
xCr3þ þ ð1� xÞFe3þ þ 3H2O! CrxFe1�xðOHÞ3 þ 3Hþ ð7Þ

xCr3þ þ ð1� xÞFe3þ þ 2H2O! CrxFeð1�xÞOOHþ 3Hþ ð8Þ

The Cr to Fe atomic ratio in mixed Cr3+–Fe3+ hydroxides varies
depending on the reaction conditions including pH and Cr6+

concentration.

(C) Adsorption of Cr6+:

� FeOHþ Cr2O2�
7 !� Fe� Cr2O�7 þ OH� ð9Þ

The formation of mixed Cr3+–Fe3+ hydroxides on the oxidized
nZVI surface layer may inhibit further electron transfer from the
Fe0 core to Cr6+ at later reaction times, favoring adsorption of
Cr6+ on the nZVI surface, especially at high CrVI concentrations
[10,103]. This self-inhibition of the reduction reaction can be over-
come using bimetallic nanoparticles (e.g., Cu0/Fe0 and Pd0/Fe0) to
increase both the rate and extent of Cr6+ removal by reductive pre-
cipitation [103,104]. Though these short-term studies demonstrate
an effective removal of Cr6+ by nZVI via reductive precipitation and
co-precipitation, additional research is needed to further explore
the overall efficiency of nZVI for remediation of Cr6+ contaminated
groundwater where the prevailing geochemical conditions can
influence these removal mechanisms.

Arsenic (As), a confirmed carcinogen, is present as arsenate
(As5+) and arsenite (As3+) in groundwater throughout the world.
As3+ is much more toxic and generally more mobile than As5+

[105]. As5+ can be reduced by nZVI to either As0 or As3+ as con-
firmed by the XPS analysis [106]. Any remaining As5+ is adsorbed
onto iron oxides in the outer layer of the iron nanoparticles
[106,107]. As3+, thus formed, is either adsorbed or co-precipitated
at the iron nanoparticle surface [106,108]. Some As3+ is also re-
ported to be oxidized to As5+ either by hydroxyl radicals or by iron
oxides (both formed during oxidation of Fe0) via formation of iron
oxide-As3+ surface complexes [106,108,109]. Adsorption of both
As3+ and As5+ on iron nanoparticles occurs by forming inner-sphere
complexes with the (hydr)oxide shell of nZVI [109–111].

While studying the removal of As3+ by nZVI, 51% of the total
As3+ was found as surface bound As3+ whereas 14 and 35% was
transformed to As5+ by iron oxides and As0 by Fe0 respectively,
indicating that nZVI exhibits broad functionality with the Fe0 core
having reduction capability and the (hydr)oxide layer promoting
oxidation and adsorption/co-precipitation [106,108]. These studies
suggest that under most common geochemical conditions there
will be a mechanism by which application of nZVI will lead to
treatment of As, leading to a potential for development of a robust
nZVI in situ treatment technology for subsurface As contamination.

Uranium (U) is the most common radionuclide contaminant
found at many nuclear waste sites. It is mainly detected in contam-
inated groundwater as highly soluble and mobile U6+ [112] and can
be remediated by reducing it to insoluble U4+ oxides by various
reductants [113]. Reduction of U6+ to U4+ by ZVI is thermodynam-
ically favorable [114]. U6+ will be predominantly removed by nZVI
via reductive precipitation of UO2 (U4+) with minor precipitation of
UO3�2H2O (U6+) as confirmed by the XPS and XRD analyses
[113,115–117]. U4+ may slowly reoxidize and redissolve as U6+

with concurrent reduction of Fe3+ to Fe2+. The reoxidized UVI may
be removed via sorption onto the surfaces of iron (hydr)oxides
[116]. This suggests that the formation of iron hydr(oxides) during
oxidation of Fe0 also plays an important role in removing U espe-
cially after reoxidation of U4+.

Selenium enters the environment naturally from weathering of
minerals and anthropogenically from mining, agricultural, petro-
chemical and industrial operations. The toxicity and solubility of
Se depends on the redox conditions. The formation of soluble sel-
enate (SeO2�

4 or Se6+) and selenite (SeO2�
3 or Se4+) is favored under

oxidizing conditions, and formation of insoluble elemental Se (Se0)
and selenide (Se2�) is favored under reducing conditions [118]. The
reduction of Se6+ to Se2� can be written as [80]:

SeO2�
4 !E0¼0:03

SeO2�
3 !�0:36

Se !�0:67
Se2� ð10Þ

The reduction of soluble Se6+ to insoluble Se0 by nZVI is thermody-
namically favorable, but further reduction to Se2� is not. Se6+ re-
moval is quite complex with a variety of removal mechanisms
possible (e.g., reduction, complex formation, adsorption and reoxi-
dation). These removal mechanisms have been shown to occur
through investigation by SEM-EDX, XANES and EXAFS [119,120].
For example, Se6+ can be reduced to Se2� via formation of Se4+

and Se0 which can then either complex with Fe0 oxidation products
forming iron selenide (FeSe) or reoxidize to Se0 and Se4+. The Se4+

can be immobilized by strongly binding to iron (hydr)oxides via in-
ner-sphere adsorption [120]. This indicates that nZVI is capable of
removing various Se species even after oxidizing to iron hydr(o-
xides). More research is needed to investigate the long term stabil-
ity of various Se species formed after interaction with nZVI as these
can be impacted by groundwater chemistry.

Nickel (Ni2+) and lead (Pb2+), common pollutants of electroplat-
ing industry, may be removed by nZVI via reduction to Ni0 and Pb0

and by adsorption as Ni2+ and Pb2+ [65,102,121–123]. While react-
ing with nZVI, Pb2+ also precipitates as Pb(OH)2 and oxidizes as a-
PbO2 as confirmed by the XRD analysis [102,124]. Detailed XPS
analysis shows that Ni2+ is initially bound to the nZVI surface by
physical sorption, then binds strongly by chemisorption and finally
reduced to Ni0 as described here [122]:

� FeOHþ Ni2þ !� FeO—Niþ þHþ ð11Þ

� FeONiþ þH2O!� FeONi—OHþHþ ð12Þ

� FeONiþ þ Fe0 þHþ !� FeOH� Niþ Fe2þ ð13Þ
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Other metals of environmental importance, including Cu2+, Hg2+

and Ag2+ may be sequestered via chemical reduction to their ele-
mental forms [9,65,78,124,125]. Cu2+ may also be reduced to Cu+

by nZVI resulting in the formation of Cu2O [9,124]. However, the
sorption of these metals on the oxidized nZVI surface prior to their
reduction cannot be ignored as the (hydr)oxide layer on the nZVI
surface has high sorption affinity for metal cations [65,78]. Metals
with E0 more negative or close to that of Fe0 (e.g., Co, Cd, Zn and Ba)
will be removed by sorption and/or precipitation [7,65,78,125–
127]. The addition of nZVI to aqueous systems usually increases
the pH to 8.0–8.2 due to generation of OH� from reduction of water
by Fe0, resulting in the immobilization of metals by precipitation as
hydroxides. Zn and Co may also be removed by precipitation on the
oxidized nZVI surface as Zn(OH)2 and Co(OH)2 [78,126]. These
studies suggest that other metal contaminants with more negative
redox potentials than Fe0 (e.g., Be, Ra, Th, Pu, Sr, Mn, Cs) may be
removed by adsorption and precipitation on the nZVI surface.

Metal catalysts (e.g. Pd, Pt, Ni, and Cu) with E0 more positive
than Fe0 may be reduced by nZVI to form bimetallic iron nanopar-
ticles (Fe0/Pd0, Fe0/Pt0, Fe0/Ni0 and Fe0/Cu0). A small amount of me-
tal catalyst deposited on the nZVI surface increases contaminant
transformation rates significantly [67,103,124]. These metal cata-
lysts, existing as co-contaminants at mixed waste sites, can be
manipulated to form in situ bimetallic iron nanoparticles, enhanc-
ing the remediation process [124]. For example, Cr6+ removal is
significantly enhanced using bimetals (e.g., Fe0/Cu0, Fe0/Pd0 and
Fe0/Ni0) [103,104,128]. Bimetallic iron nanoparticles play an
important role in overcoming the self-inhibition of metal removal
reactions by preventing oxide formation on the nZVI surface. More
research using bimetals is needed for the metals like U and Se,
which get reoxidized or redissolved at later times of reaction with
nZVI.

A large number of metals can be removed by adsorption. As
such a detailed understanding of adsorption kinetics and thermo-
dynamics is important to design for the optimal pathway (e.g.,
chemisorption versus physisorption) and sorption mechanism
(e.g. surface versus intraparticle diffusion) to maximize adsorption
rates and adsorptive capacity of nZVI for specific metals. Few stud-
ies have investigated adsorption kinetics and thermodynamics of
metal removal by nZVI [7,107,109,127,129,130]. Arsenic (As3+

and As5+) adsorption exhibited a pseudo-first-order rate and could
be fitted well with both Freundlich and Langmuir isotherm models
[107,109]. The kinetics and thermodynamics of cadmium adsorp-
tion on nZVI provide evidence that Cd removal by nZVI occurs
via chemisorption with surface diffusion as the rate-limiting step
[7]. More research is needed to investigate adsorption mecha-
nisms, kinetics, and thermodynamics for other metals that may
be removed by adsorption to nZVI particles.

5. Factors affecting reactivity of nZVI with metals and
chlorinated solvents

As shown by several studies, there are many factors impacting
nZVI reactivity with chlorinated compounds and metals. In addition
to the degree of crystallinity of the Fe0 core, which was discussed in
Section 2, factors affecting nZVI reactivity include surface area
[15,63,104,107,131], age of the nanoparticle [79,132,133], aqueous
phase pH [15,36,79,81,107,119,134,135], nZVI stabilizers
[16,18,21,76,136], and concentrations of contaminants and other
reactive groundwater constituents [12,15,137,138]. These effects
will be discussed in greater detail in the following sections.

5.1. Surface area

Gillham and O’Hannesin [34] were the first to report that great-
er ZVI surface area resulted in greater rates of dehalogenation of
chlorinated compounds. This helped spur interest in nano-scale
ZVI, since smaller particles have a much higher surface area to
mass ratio. For example, nZVI surface area can be in excess of
40 m2/g for stabilized particles [16,21,139] and 15–34 m2/g for
bare particles, with FeBH having greater surface area than RNIP
particles, e.g. [29, 63, 136, 139]. Catalyst metals like Ni have been
reported to further increase the surface area of bimetallic particles
(Fe0/Ni0) when they are added to the iron precursor prior to the
borohydride reduction step [67,140]. Micron scale ZVI has a surface
area on the order of <1 m2/g [29,36,63]. Nurmi et al. [63] showed
that nanoparticles (both RNIP and FeBH) exhibited greater reactiv-
ity than micro-sized iron particles for reduction of CT on a per mass
basis. However, when normalized to surface area the rate con-
stants were similar for both nano and micro-sized particles sug-
gesting that a nano-effect may not exist. The presence of a larger
number of reactive sites on nZVI particles, as compared to mZVI
particles may enhance nZVI reactivity [63,131]. The larger surface
area of nZVI than mZVI also provides greater density of reactive
sites for reduction and adsorption of metals thus increasing the re-
moval rate and capacity of nZVI. Kanel et al. [107] found the ksa

(surface area normalized rate constant, L m2/min) of arsenic re-
moval by nZVI to be 1-3 orders of magnitude larger than that of
microscale ZVI. Similarly, Rivero-Huguet and Marshall [64] re-
ported enhanced removal of Cr6+ by nano iron due to the increased
specific surface area and higher surface reactivity of the nano iron.
Since nanoparticles tend to aggregate (due to magnetic and van der
Waals forces), it is unclear whether the reactivity of nZVI will
change due to the decrease in surface area/unit mass or remain un-
changed from the original reactivity of the individual nanoparticles
[63,131].

5.2. Aging

nZVI rapidly oxidizes in aqueous solutions by reacting with oxy-
gen or water or through reaction with naturally occurring subsur-
face constituents. When nZVI is exposed to water several processes
can occur. The original oxide shell can break down due to reaction
with water [141] or autoreduction (reduction of the oxide shell by
underlying Fe0), allowing for the freshly formed Fe0 to oxidize, cou-
pled with the reduction of electron acceptors in the water. In addi-
tion, the particles can aggregate and a new, mixed-valence (Fe2+–
Fe3+) oxide layer can form [132]. nZVI aging/oxidation results in
a loss of Fe0 content [12,79,132], decreasing the reducing equiva-
lents available for reaction with the target contaminant. Due to
the time elapsed between nZVI synthesis and nZVI arrival at the
target source zone, this loss should be accounted for in determin-
ing the required amount of nZVI for contaminant transformation.
At present there is limited ability to predict the additional nZVI
requirements to account for the loss of Fe0 content in various sub-
surface environments.

A number of studies have investigated the impact of aging on
nZVI reactivity. Sarathy et al. [132] reported a decrease in Fe0 con-
tent after exposing RNIP to water for six months. They observed an
initial (2 day) increase in the CT mass-normalized, first-order, deg-
radation rate constant (kM) followed by a gradual decrease in kM.
Kim et al. [142] observed a similar trend for TCE degradation rates,
using shell-modified RNIP exposed to air or water. This change in
rate constants with aging was attributed to depassivation of parti-
cles initially followed by repassivation upon prolonged exposure
[132,142]. Wang et al. [143] also reported decrease in reactivity
of FeBH that was stabilized with inert gas and then exposed to air.

Liu and Lowry [79] also studied reactivity changes with aging
of RNIP. Although they observed a significant initial decrease
(for the first 10 days) in TCE reaction rate constants, the TCE reac-
tion rate remained nearly the same or increased slightly for the
rest of the study period. They reported nearly the same reaction
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rate constants (at day 20), irrespective of the Fe0 content, and con-
cluded that the TCE reaction is zero-order with respect to the Fe0

content of RNIP. Similarly, Liu et al. [75] reported that the partial
oxidation of FeBH particles did not significantly affect the maxi-
mum Fe0-normalized reaction rate of TCE or the reaction product
distribution, although partially oxidized particles were reported to
have longer periods of lower reactivity when compared to fresh
FeBH particles.

Differences in results in these various studies might be due to
differences in reaction conditions such as pH, initial contaminant
concentration, method of nZVI synthesis/stabilization, exposure
time, and medium for oxidation (air or water). For example, aging
of shell-modified RNIP in water resulted in formation of a goethite
surface layer whereas exposure to air yielded wüstite, hematite
and maghemite surface layers in addition to pre-existing magne-
tite [142]. Although the thickness of the oxide layer is reported
to be constant with aging, the composition may change
[132,144]. Any changes to the iron oxide surface characteristics
could affect reactivity, as adsorbed Fe2+ is capable of mediating
reductive transformation of chlorinated solvents and metal con-
taminants [145–147].

Catalysts are commonly used to increase reaction rates by
decreasing the activation energy; however they can also affect
the aging process and consequently the reactivity of bimetallic
nZVI particles. Yan et al. [148] deposited Pd0 on the surface of fresh
nZVI particles. After aging for 24 h no Pd was detected on the nZVI
surface, indicating that it may have become embedded under the
oxide shell. No metallic iron was detected by XPS suggesting that
particles had undergone severe oxidation upon aging. Reactivity
of the Pd-nZVI with TCE, aged in water for 24 h, decreased by
80% compared to that of the fresh Pd-nZVI particles. Similar results
were found by Zhu and Lim [99] for aged Pd-nZVI (in water for
24 h) and 1,2,4-trichlorobenzene. This decrease was attributed to
detachment of Pd from iron and its encapsulation in iron oxides
formed during nZVI oxidation. These studies suggest that the de-
creased reactivity of aged bimetallic nanoparticles is due to their
oxidation and is similar to uncatalyzed nZVI.

nZVI oxidation can also have a significant impact on heavy me-
tal removal rates and mechanisms. The reduction of metals by nZVI
can be slowed or inhibited due to the oxidation of nZVI particles.
Metals (e.g., U and Se) that are initially reduced by Fe0 can be partly
reoxidized with reduction of iron oxides in the iron nanoparticles
[116,120]. As most metal contaminants can be removed by adsorp-
tion at the iron oxide surface, adsorption may become the domi-
nant removal mechanism after oxidation of nZVI particles.
Although nZVI aging has been identified as a significant issue
impacting reactivity, limited work has been has been completed
in this area and more research is needed.
5.3. pH

pH strongly influences the redox reactions occurring at the ZVI
surface by accelerating corrosion at low pH (Eq. (1)) and passivat-
ing the iron surface at high pH through the formation of iron
hydr(oxides) [15,36].

The oxidation of Fe0 in aqueous systems releases OH- ions,
increasing the pH of the system (>8.0) as shown in Eq. (5) and in
the following reaction:

2Fe0 þ O2 þ 2H2O! 2Fe2þ þ 4OH� ð14Þ

Given these reactions, the high iron mass ratio (10–50 wt%) (i.e.,
ratio of iron mass to iron plus water mass in a given volume) of mi-
cro and granular iron used in PRBs can buffer groundwater pH at
8–9 resulting in iron passivation [79]. However, the iron mass ratio
of nZVI in injection suspensions is much lower (0.2–0.5 wt%),
favoring corrosion at a prevailing near neutral pH. Thus, iron lon-
gevity/efficiency can differ for micro- and nano-iron particles un-
der the same field conditions.

A number of studies have reported an increase in reaction rates
with decreasing pH for reductive dehalogenation of chlorinated
compounds by RNIP and FeBH [15,79,149–151]. This may be attrib-
uted to greater availability of electrons from the Fe0 core due to
dissolution of the oxide layer at low pH. pH not only affects reac-
tion rates but also the dominant reaction pathways.

Liu and Lowry [79] studied the effect of pH on H2 evolution
rates (kH2 ) of RNIP. Decreasing the pH resulted in an increased
kH2 and TCE reaction rates (kobs), and the increase in kH2 was an or-
der of magnitude greater than kobs over the same pH range. A fitted
linear relationship between pH and kobs had a weak dependence,
indicating that TCE dechlorination does not strongly depend on
pH. H2 evolution had little effect on TCE dechlorination rates by
RNIP, while Liu et al. [75] showed that addition of H2 to systems
with FeBH resulted in higher rates of dechlorination. Evolution of
H2 can also positively impact microbial degradation of contami-
nants [152]. In this case, addition of nZVI to the subsurface may
have prolonged remediation benefits if microbial dechlorination
is stimulated.

Outer ZVI shell characteristics [135,153] may be affected by pH.
The extent to which pH affects the formation of the oxide layer at
the nanoscale ZVI surface is not fully understood. Liu and Lowry
[79] suggest that different Fe-oxides phases may exist on RNIP par-
ticles at different pH while Song and Carraway [15] propose that
FeBH is less passivated than microscale ZVI as they observed a
smaller effect of pH on the reaction rate constant for nanoscale
nZVI than microscale ZVI [36].

The impact of pH on metal removal by nZVI depends on the oxi-
dation state of the metal and the removal mechanism. Passivation
of the nZVI surface at high pH hinders electron transfer from the
Fe0 core, thus, decreasing the removal of metal contaminants by
reductive precipitation. For example, SeVI removal by nZVI de-
creased from 91% to 11% with increase in pH from 3.5 to 11
[119]. High pH also decreases adsorption of metal anions due to
electrostatic repulsion caused by the negative nZVI surface charge
above the pH of 7.8 [107,109]. However, this negatively charged
nZVI surface is favorable for adsorption of metal cations. Some
metals are immobilized via precipitation by hydrolyzing as metal
hydroxides at high pH (e.g., Cd, Zn, Co, Cu). More research is
needed to study the effect of pH on metal removal by nZVI to
determine the specific impact on each removal mechanism.

5.4. Coatings/stabilizers

Numerous reports have shown that nZVI particles quickly
aggregate, decreasing surface area for reaction and limiting mobil-
ity (see Section 6.1). Therefore, different coatings/stabilizers have
been used to stabilize nanoparticles in the subsurface [e.g.,
16,21–23,154, 155–158] providing higher surface area for reaction
[157]. These coatings include guar gum, carboxylmethyl cellulose
(CMC), poly-styrene-sulfonate (PSS) and poly(methyl)methacryl
and can be applied by: (1) physically absorbing polymer coatings
on existing nZVI particles in a post-synthesis process, e.g.
[22,159,160]; (2) synthesizing nZVI in the presence of polymer
which concurrently stabilizes the particles, e.g. [16,17,23]. There
are also emerging techniques to synthesize nanoparticles that
incorporate ZVI into a matrix [24,155,156,161,162] or membrane
[163].

It is important to distinguish between the methods of coating
nZVI with polymer as the different processes affect particle struc-
ture (see Section 2.2), as well as colloidal stability (see Section 6.2).
Literature studies have reported conflicting reactivity results that
likely depend on the stabilization approach and the type of
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stabilizer. The post-synthesis stabilization approach has been
shown to decrease reactivity [136] whereas the pre-synthesis ap-
proach has improved reactivity and significantly increased surface
area [16]. In the case of the post-synthesis process, decreased reac-
tivity has been attributed to a number of mechanisms, including
reaction sites on the surface of nZVI being blocked by the polymer,
the diffusion of aqueous phase contaminant to the surface being
inhibited. The slow diffusion of reaction products away from the
surface may inhibit desorption from reactive sites [136]. The dom-
inant process will depend on the concentration of the polymer on
the surface [136] and may differ depending on the properties of the
polymer coating. Wang et al. [139] showed that there is competi-
tion for contaminant between the reactive sites on the nZVI and
sorption sites on the polymer coating. However, the loss of reactiv-
ity was not significant and must be weighed against benefits pro-
vided by the polymer coating. In addition, it has been suggested
that several polymer coatings are readily available for biological
degradation [18,164], and in some cases natural polymers (i.e.,
humic and fulvic acids) can act as a co-reactants or electron donors
with nZVI to degrade chlorinated compounds [165,166].

As nZVI migrates through the subsurface and approaches the
source zone, nZVI surface charge and interfacial tension will im-
pact interactions between nZVI and the contaminant, and hence
the reaction rate [154,167]. Enhancing interaction and reaction at
the NAPL/water interface requires that nZVI particles exhibit some
hydrophobicity, a characteristic not intrinsic to nZVI. Surface coat-
ings can be designed to provide this hydrophobicity, increasing
affinity for nZVI to partition to the NAPL–water interface where
all reactants are present for contaminant destruction. To reduce
the impact of these potential rate-limiting steps recent work has
focused on developing nZVI in oil-in-water emulsions such that
nZVI degrades NAPL contaminants within the NAPL phase
[168,169].

Although some studies have observed a decrease in nZVI reac-
tivity with the addition of a coating [136,139], colloidal stability
and mobility of nZVI depend upon polymer coating or other form
of stabilizers [157,170]. Thus, injection of nZVI for remediation
should consider reactivity as well as the benefits of coatings for
mobility in order to optimize the exposure of nZVI to
contaminants.

5.5. Impact of natural groundwater constituents and initial
chlorinated solvent concentrations

Typical groundwater contains many dissolved electron accep-
tors (e.g., nitrate or sulfate) that can react with nZVI surface and
produce iron surface passivation. The effect of both contaminant
and solute concentrations on nZVI performance has been investi-
gated in several studies.

Nitrate (NO�3 ) can strongly influence nZVI reactivity. Liu et al.
[138] reported inhibition of TCE reduction by RNIP at high nitrate
concentrations (P3 mN) whereas TCE reduction was slightly en-
hanced at [NO�3 ] 6 1 mN. The decreased nZVI reactivity at high
NO�3 concentrations was attributed to competition between NO�3
and TCE for reactive sites and electrons, and passivation of the nZVI
surface due to formation of iron (hydr)oxides. H2 evolution was
also inhibited at high NO�3 concentrations as Fe0 preferentially re-
duced NO3�. Reinsch et al. [133] also reported passivation of RNIP
surface at nitrate concentrations of 10�4 to 10�1 mN, which pre-
vented further oxidation of the Fe0 for over 6 months.

The effect of other anions such as Cl�, HCO�3 , SO2�
4 and HPO2�

4 on
RNIP reactivity was also explored by Liu et al. [138]. Unlike nitrate,
these anions had no measureable effect on H2 evolution. However,
they decreased the TCE reduction rate in increasing order of
Cl� < SO2�

4 < HCO�3 < HPO2�
4 which is consistent with their affinity
to form complexes with iron oxides. This suggests the decreased
TCE dehalogenation may be attributed to passivation of the nZVI
surface by formation of Fe-anion complexes.

In a study of the effects of anions on dechlorination of 1,2,4-tri-
chlorobenzene by Pd/FeBH, Lim and Zhu [137] reported a loss in
reactivity of Pd/FeBH with 1,2,4-TCB with the presence of carbon-
ate, nitrate, phosphate, nitrite, sulfite, and sulfide (in increasing
order of loss) and with higher concentrations further decreasing
reaction rates. Based on the nature of inhibitory effect, the anions
were classified as (1) adsorption-precipitation passivating species
(phosphate, carbonate), (2) redox-active species (nitrate, nitrite,
perchlorate), and catalyst poisons (sulfide, sulfite). The sulfite
and sulfide acted as catalyst poisons by diffusing into the bulk of
the Pd metal and sorbing onto the Pd sites (also suggested by
Lowry and Reinhard [171]).

Heavy metals remediated by nZVI are also influenced by the
presence of competitive ions in groundwater. Competitive anions
such as sulfates, nitrates and nitrites inhibit metal removal by
competing for electrons whereas anions like phosphates and
carbonates compete for adsorption sites. Arsenite and arsenate re-
moval by FeBH decreased significantly in the presence of high con-
centrations of bicarbonates and phosphates [107,109,111].
Similarly, UVI reduction decreased by 90% in the presence of
1 mM HCO�3 [113]. Given the complexity of the interaction of
groundwater constituents with nZVI, more research is needed to
investigate the mechanisms associated with inhibition of removal
of heavy metals by nZVI in the presence of various anions.

A number of studies have examined the effect of contaminant
concentrations on rates of reaction with nZVI. Higher initial con-
taminant concentrations increased effective half life values of
micro-scale ZVI with time due to surface passivation and satura-
tion of reaction sites [172]. For RNIP, Liu et al. [138] showed that
lower reaction rates at later times were observed but only for high-
er initial TCE concentrations. Liu et al. [12] showed that RNIP par-
ticles resulted in lower reaction rates under iron limited conditions
(high TCE concentrations) while FeBH particles shift from pseudo-
first order kinetics at low concentrations to zero-order at high
TCE concentrations. Liu et al. [12] postulated that either the outer
shell on the FeBH particles remains reactive or that the particles are
dissolving leading to exposure of fresh active sites on the Fe0 sur-
face. In contrast, RNIP particles showed signs of deactivation when
TCE concentration increased, likely due to the growth of the Fe3O4

shell.
Liu et al. [138] also reported a decrease in RNIP reactive lifetime

with higher initial TCE concentrations. The higher TCE concentra-
tions also decreased the total amount of H2 evolved at the end of
the particle’s reactive lifetime signifying that RNIP is reducing
TCE rather than H+. Thus, at higher TCE concentrations, most of
Fe0 was used for transforming TCE rather than for forming H2 by
reducing water. This suggests that the application of RNIP particles
to NAPL source zones with high TCE concentrations could increase
the efficiency of the nanoparticles (as opposed to applying RNIP in
low concentration plumes) leading to rapid degradation.

Heavy metals combined with chlorinated solvents are often
found as mixed wastes at hazardous sites around the world. The
metal co-contaminants undergoing redox reactions may enhance
or hinder the removal of chlorinated solvents by nZVI. Some heavy
metals (e.g., As, Cr, U) can decrease reactivity by either competing
for electrons or precipitating as metal (hydr)oxides on nZVI surface
causing passivation. On the other hand, metals like Cu, Ni exhibit-
ing catalytic properties may enhance the nZVI reactivity by form-
ing bimetallic nanoparticles [67,124]. Although extensive
research has investigated the effect of metal catalysts on nZVI reac-
tivity, no work has investigated the effect of metal contaminants
like As, Cr, or U on nZVI reactivity towards chlorinated solvents.
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5.6. Bimetallic nanoparticles

As with monometallic nZVI, bimetallic particles were first used
with micro scale iron, e.g. [173–175]. Bimetallic particles are com-
posed of a corrosive metal such as iron or zinc along with a noble
metal such as palladium (Pd), platinum (Pt), nickel (Ni), silver (Ag)
or copper (Cu). The noble metal is a catalyst and increases the rate
of reduction.

Bimetallic nanoparticles can be synthesized in variety of differ-
ent ways. Wang and Zhang [29] prepared their particles by soaking
fresh nZVI particles in an ethanol solution containing a noble metal
(Pd, Pt, Ni, Ag, or Cu). Alternatively, the noble metal can be added
through a water-based approach [16,157] where a small amount of
salt containing the noble metal is used (e.g., K2PdCl6 for Pd).
Irrespective of the method of synthesis, the iron reduces the noble
metal and the metal deposits onto the iron surface:

Pd2þ þ Fe0 ! Pd0 # þFe2þ ð15Þ

The resulting nanoparticle has a thin discontinuous layer of the no-
ble metal on top of the Fe0 surface [27,66].

Palladium is the most common reductive dehalogenation cata-
lyst used with nZVI for remediation purposes, e.g. [11,16,21,97].
The addition of a noble metal lowers the activation energy of the
reaction, allowing more interactions between the compounds to
result in reactions, thus increasing the reaction rate. As a result,
bimetallic nanoparticles have been used to catalyze dechlorination
of compounds which typically have very slow reaction rates with
nZVI (e.g. aromatics and polychlorinated biphenyls (PCBs)), e.g.
[11,16,29,99,176].

The reaction rates of nZVI particles enhanced with Pd (FePd)
and Ni (FeNi) have been reported to be much higher than those
of monometallic nZVI. Tee et al. [140] reported the reaction rate
(ksa) of FeNi particles to be almost two orders of magnitude higher
than monometallic nZVI for degradation of TCE, similar to Schrick
et al. [67] who reported degradation rates for FePd nanoparticles
over an order of magnitude faster than nZVI and nine times faster
than the FeNi particles for the reduction of TCE. Schrick et al. [67]
also noticed that Ni was cathodically protected by the iron, but no
long term study was performed to examine whether Ni would be
oxidized once all the Fe was depleted. Similarly to Schrick et al.
[67], Barnes et al. [66] reported no oxidized species of Pd were
observed suggesting that the catalyst remains unchanged during
the reaction. Lien and Zhang [98] noted that these increased degra-
dation rates (kobs) only occurred when the particles were 1–5 wt%
Pd. If the weight was greater than 5%, no increase in reactivity was
observed. This is consistent with Barnes et al. [66] who reported
3.2% Ni as the optimum Ni/Fe ratio for maximum dehalogenation
of TCE, while Tee et al. [140] reports 20 wt% Ni would obtain the
highest degradation rate (ksa). Application of nZVI suspensions
with significant fractions of catalysts at field sites is unlikely given
the toxicity of the noble catalysts.

End products following reduction of TCE by bimetallic nanopar-
ticles are typically ethane and ethene. Elliott and Zhang [27]
reported complete reduction of TCE in 12 h using FePd nanoparti-
cles with ethene and ethane as the major end products, while with
non palladized nZVI, ethene was the end product. Lien and Zhang
[11] observed complete dechlorination of PCE in 90 min with FePd,
with ethane as the major end product, while TCE degradation re-
sulted in both ethane and ethene production.

The reason for the increased rate of reaction of bimetallic nano-
particles has been debated by several authors. Lowry and Reinhard
[171] reported that the second metal (in this case AlPd) catalyzes
the dehalogenation reaction, resulting in complete conversion of
chlorinated ethenes to ethane at the metal surface without any
trace of intermediate compounds (i.e. VC). Elliott and Zhang [27]
proposed the creation of galvanic cells on the iron surface, where
iron is the anode, and the noble metal acts as a cathode. Li and Far-
rell [81] suggested that the increased ethene and ethane produc-
tion (as compared to monometallic nZVI) is due to bimetallic
nanoparticles reducing the contaminants (in this case TCE) through
b-elimination. Lien and Zhang [177] proposed that a transition
state species produced in b-elimination is behind dehalogenation
of chlorinated ethanes, similar to [54]. Conversely, Schrick et al.
[67] proposed that the mechanism for TCE degradation with FeNi
nanoparticles involves the transfer of electrons to the Ni which
breaks the Cl–C bond and replaces the halogen with a hydrogen
atom (in other words, hydrogenolysis). Lien and Zhang [97] suggest
that atomic hydrogen is formed on the noble metal surface and
acts as the reducing agent for chlorinated compounds. Tee et al.
[140] also hypothesized that the addition of a noble metal leads
to the enhancement of hydrogenation (of unsaturated compounds
to saturated compounds) due to the presence of atomic hydrogen
on the noble metal. This may explain the higher concentrations
of ethane as the end product in comparison to when non-bimetal-
lic nZVI is used. Given that all the studies with bimetallic nanopar-
ticles to date use FeBH particles, and these particles can support
hydrogenolysis (unlike RNIP particles where b-elimination gov-
erns, Section 3), it is likely that enhanced hydrogenation as well
as hydrogen production is the main cause for increased reaction
rates. However, given the numerous theories put forward with
respect to bimetallic nanoparticles, further studies are needed to
address these discrepancies.

The disadvantage of using bimetallic nanoparticles is their
potentially short lifetimes in the subsurface due to surface passiv-
ation [67]. In addition, FePd bimetallic nanoparticles show signifi-
cant structural changes leading to decreased reactivity (Section
5.2) [99,148]. Zhu and Lim [99] recommend that Pd be introduced
to the nZVI at the time of use, rather than preparing the FePd par-
ticles a priori and storing them in order to achieve the highest reac-
tivity. Another disadvantage of bimetallic nanoparticles is the
added environmental risk associated with injecting another metal
into the subsurface, especially when using FeNi nanoparticles
[12,67].
6. Stability and mobility of unstabilized nZVI

Laboratory batch studies have shown that nZVI has significant
potential for use in remediating chlorinated compound and heavy
metal contaminated sites. One significant obstacle limiting wider
application of nZVI is the tendency of nZVI particles to rapidly
aggregate and settle out of aqueous suspensions. Agglomeration
on a timescale of 2–15 min is common for unstabilized nZVI with
rapid settling for the following 30 min, resulting in a more than
one order of magnitude decrease in suspended nZVI particle con-
centrations within 1 h [16,22,74]. Classical Derjaguin, Landau, Ver-
wey and Overbeek (DLVO) theory predicts the interaction energy
(i.e., sum of van der Waals attractive forces and electrostatic repul-
sion forces) between two identical colloids (Fig. 2). As the separa-
tion distance between two colloids decreases, attractive (negative
by convention) van der Waals forces act on a given colloid. These
forces are counteracted by repulsive (positive by convention) elec-
trostatic forces which form an energy barrier when they are larger
than attractive forces (Fig. 2b). At close separation distances, the
attractive forces exceed the electrostatic forces, creating a primary
energy minimum well in which particles become irreversibly at-
tached. Phenrat et al. [74] showed that attractive interactions be-
tween nZVI particles are dominated by magnetic attractive forces
when colloid separation distance decreases (e.g. shown in
Fig. 2.a). This study also showed that magnetic attraction between
nZVI particles increases proportionally to particle Fe0 content and



Fig. 2. Conceptual model of DLVO interaction forces for nZVI particles with different surface properties: (a) bare nZVI, (b) nZVI with strong electro-static repulsion and (c)
nZVI with both electro-static and steric repulsion. Points 1 and 2 refer to the primary and secondary minimum, respectively.
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particle radius to the 6th power [74]. These studies provide insight
into particle aggregation but not mobility. Hong et al. [178] exam-
ined various iron oxide particles and demonstrated that nanoparti-
cles with high magnetic moments exhibit poor mobility in porous
media due to rapid particle aggregation. Limiting particle aggrega-
tion and settling is a prerequisite for enhanced migration.

Many nZVI studies were conducted at relatively low nZVI con-
centrations (lower than would be expected during field applica-
tions) [179]. Increasing nZVI concentration (volume fraction)
results in closer range interaction forces between particles, increas-
ing aggregation [74]. It has been suggested that above 0.015 g/L
aggregation is expected to play a role in nZVI stability [180], which
is consistent with stability observations [74]. A recent study sug-
gests large aggregates play a strong inhibitory role in nZVI colloidal
stability due to the very long range of magnetic forces in solution
[180].

Poor stability and mobility has been observed in column experi-
ments that evaluate unstabilized nZVI transport [158,167] due to the
absence of a sufficient electro-static energy barrier to prevent large
aggregates from forming and depositing [181]. These experiments
were performed at relatively low concentration (0.1–0.3 g/L)
nZVI. Delivering nZVI through porous media becomes more
challenging when higher concentrations are used and aggregation
becomes more rapid. Field applications of nZVI typically have used
over an order of magnitude higher concentration (1.0–30.0 g/L)
[18,25,26,182–184] and have encountered problems with limited
nZVI mobility likely due to extensive nanoparticle aggregation and
retention.

6.1. Improved colloidal stability

Recognizing the strong interaction between nZVI particles,
researchers have devoted considerable effort to the development
of surface modifications to minimize aggregation and settling,
thereby increasing nZVI mobility in porous media. To this end,
desirable characteristics of nZVI slurries include: (1) particles that
do not rapidly aggregate, thus are a stable size and do not settle;
(2) particles that contain enough zero valent content and surface
area for reaction upon delivery; (3) stabilizer characteristics that
do not negatively affect injection or reactivity while providing sta-
bility and mobility in porous media.

There are two widely adopted methods for stabilization of nZVI
particles: nZVI stabilization following synthesis, or inclusion of a
stabilizer in the suspension during nZVI synthesis, as discussed
in Section 3.4. There is a large body of literature focused on charac-
terizing and stabilizing nZVI particles that have been previously
synthesized and allowed to aggregate [22,110,158,159,185,186].
This technique uses ultra-sonic probes and baths to apply a suffi-
ciently high energy to dis-aggregate nZVI particles. Stabilizing
agents are then physically adsorbed to the surface via mixing.
Many polymers have been successfully used to stabilize nZVI using
this technique, the most successful of which are high molecular
weight anionic polyelectrolytes (e.g., poly-styrene sulfonate, poly-
vinyl pirolidone) [187]. Naturally occurring organic matter may
serve the same stabilizing function [186]. The polymer provides a
‘‘brush’’ that both provides electro-static repulsion due to the
charge on the polymer and physically inhibits permanent aggrega-
tion upon intra-particle interaction due to steric repulsion [20].
Fig. 2c shows the DLVO and magnetic force considerations for nZVI
as well as the physical mechanisms of intra-particle repulsion
afforded by polymer coating, including electro-static and steric
repulsion. The main advantage of the post-synthesis stabilization
methodology is that unstabilized nZVI is a more economical choice.
nZVI that is re-suspended has a passivated oxide shell which
protects the zero valent iron core from further oxidation, allowing
reasonable shipping and holding times [188]. The disadvantages
are that, in addition to the laborious and lengthy process of stabi-
lizing particles, a large fraction (by weight) of the nZVI particles
cannot be effectively stabilized [76]. Dense surface polymers nec-
essary to stabilize re-suspended nZVI inhibit reaction with con-
taminants [136].

Similar post-synthesis stabilization methods have been tested
for other polymers. Guar gum was investigated as an alternative
polymer [159,181] providing similar stability to previously studied
anionic polymers. Commonly used as an additive in drilling and
hydraulic fracturing, guar gum molecules do not have charged func-
tional groups to contribute to electro-static repulsion, but provide
steric repulsion. This shows that the electro-static interaction is less
important for screening magnetic attraction forces for post-synthe-
sis stabilized nZVI than steric repulsion. Shear thinning polymers
like Xanthan Gum (Xg), previously used for the delivery of micro-
scale ZVI for remedial purposes [189], have also been suggested
as a suitable stabilizer [190]. This approach produces very stable
nZVI particles (on the order of weeks without agglomeration and
settling) due to the creation of gelling (or networking) between
individual particles that inhibit interaction [191]. This approach is
advantageous when very high concentrations of nZVI need to be in-
jected (>15 g/L nZVI). However, due to the high polymer content
(0.3–0.6 wt% Xg) the injection solution can be very viscous
(approaching 1000 cP at shear rates below 1 s�1) complicating
injection conditions due to large pressure required for injection.
Adsorption of hydrophilic carbon, another variation of post-synthe-
sis stabilization, has also been reported [158,192] and shown to im-
prove stability and mobility of nZVI compared to bare nZVI.

The second method for nZVI stabilization involves a modified
chemical precipitation process in which the presence of the
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polymer stabilizes nZVI particles as they are precipitated from
solution (presynthesis). This method, developed by researchers at
Auburn University [16], has been most widely used with CMC. This
polymer controls nZVI nucleation limiting aggregation during syn-
thesis [21,138,157]. The presynthesis stabilization process has
been shown to yield very stable nZVI solutions for select anionic
polymers [21] that can provide electro-steric repulsive interac-
tions. In addition, the process facilitates manipulation of particle
size [17]. Enhanced ultra-sonic mixing techniques during synthesis
in the presence of a high molecular weight polyvinyl acid can be
used to control particle size, breaking up large particles [23]. This
additional step produced very small nZVI particles that were
reportedly stable in solution for months. Composite nanoparticles
containing zero valent iron (i.e. nZVI in a silica matrix) have also
been synthesized as a delivery vehicle [24,156]. nZVI particles,
grown on stabilizing media have also been presented [161] to
improve PRBs. An extension of this is the incorporation of nZVI
particles into reactive membranes [163] with potential applica-
tions in industrial water and wastewater treatment.

The use of nZVI emulsions have also been presented as a meth-
od of limiting particle–particle and particle–soil interactions
[26,179]. Using this modified post-synthesis approach, nano or
micro scale iron particles can be stabilized through their encapsu-
lation in biodegradable oil with the aid of a surfactant. The EZVI
process effectively encapsulates nZVI slurry in an oil phase utiliz-
ing viscosity and surface tension to prevent particle settling [26].
One concern with this approach is that nZVI emulsions have a very
high viscosity (>1000 cP) and would necessitate elevated injection
pressures. Recognizing this problem, in a more recent study the
highly viscous vegetable oil in the emulsion was replaced with
oleic acid, producing less viscous nZVI emulsion slurries [179]. This
oil in water emulsion method separates nZVI and water in the
emulsion, preventing oxidation. An important consideration with
using emulsions to transport nZVI is the integrity of the emulsion
droplets under high shear conditions present at the well screen,
which could potentially destroy the effective mechanism of nZVI
stability. In addition consideration of the droplet sizes is important
to avoid pore straining which would negatively impact mobility
(i.e., emulsion droplets must remain smaller than the pores to be
mobile) [179].

6.2. Bench scale experiments investigating nZVI mobility

In order to make nZVI economically feasible a considerable
amount of the injected nZVI mass must reach the contaminated
source zone. Small scale column tests are commonly used to eval-
uate nZVI mobility under a range of representative subsurface con-
ditions. Such experiments have been used to study the transport of
numerous environmental colloids, e.g. [193–195], as well as other
engineered nanoparticles [196], nC60 particles, [197] and carbon
nanotubes [198].

Several column experiments have been conducted with unsta-
bilized nZVI; however mobility was limited [158,181,186]. Subse-
quent studies showed that mobility can be improved when the
nZVI surface is modified to provide electro-steric repulsion
[20,110,156,185–188,192]. Phenrat et al. [20] measured the steric
layer properties of several polymers adsorbed to nZVI and demon-
strated that the same steric repulsion that limits aggregation also
increases nZVI transport through porous media by limiting parti-
cle-soil interactions. Very high mobility has also been reported in
column experiments performed with nZVI prepared using a
presynthesis stabilization technique with CMC polymer that pro-
vides electro-steric repulsion [170]. It has also been demonstrated
in transport experiments that both methods of providing electro-
steric stabilization (pre and post synthesis) still provide good
stabilization even in solutions of high ionic strength and divalent
cations [170,187]. Studies also show that naturally occurring or-
ganic matter subsurface constituents may act in a similar fashion
to surface modifications, potentially increasing the mobility of
nZVI [186] as with other colloids [199].

Although significant advances have been made in improving
nZVI mobility in porous media, many early transport studies were
conducted using conditions that did not adequately represent sub-
surface conditions. Experiments were typically conducted at unre-
alistically high pore velocities. Another limitation of these early
studies is the low nZVI concentrations (less than 0.25 g/L) that were
used. According to the USEPA voluntary database of past and future
nZVI field injections; concentrations on the order of 1–30 g/L are
utilized in the field [25,200]. Results from column experiments con-
ducted at low nZVI concentrations may not be directly applicable to
field application scenarios using much higher nZVI concentrations.
More recent column experiments have been conducted at higher
concentration injections, providing more relevant information for
nZVI application. Phenrat et al. [76] demonstrated that higher con-
centrations of post-synthesis stabilized nZVI could be transported
through porous media, although transport was limited by aggrega-
tion of nZVI more than nZVI interaction with the porous media. At
high nZVI concentrations nZVI particles collide more frequently and
are attracted to one another, depositing in the secondary energy
minimum, forming larger aggregates. Particles trapped in a second-
ary minimum (Point 2 in Fig. 2b) are weakly attached as opposed to
those in primary minimum that are irreversibly removed from solu-
tion (Point 1 in Fig. 2a). nZVI particles deposited in the secondary
minimum can detach/disaggregate due to fluid shear or diffusion
[76]. Low concentration nZVI suspensions have higher particle dif-
fusion resulting in disaggregation rates that can approach aggrega-
tion rates. To limit nZVI deposition in the secondary minimum and
hence limit aggregation, polymers should be chosen to maximize
long range electro-steric screening resulting in only a shallow sec-
ondary minimum (e.g. Fig. 2c).

Another important design consideration for optimal mobility is
particle size. Elliot and Zhang [27] suggested particle diameters of
between 100 and 200 nm [27] to optimize mobility at typical
groundwater velocities and limit nZVI retention in porous media
due to physicochemical filtration [195,201]. Mobility is limited
by deposition due to diffusion when particles are smaller than this
range and gravity deposition becomes limiting for mobility when
particles are larger than this range. In addition, the particle size
in this case is not necessarily the individual initial nZVI particle
size if particles are growing to form stable aggregates [178]. How-
ever, many other factors affect this optimal range including injec-
tion velocity, porous media grain size, and solution viscosity, and
should thus be included in design considerations along with parti-
cle size.

One of the main limitations of many column studies to date is
the range of velocities used. Typical groundwater velocities range
on the order of 0.1 m/day under natural conditions to 10 m/day
in a typical remediation scenario with an imposed hydraulic gradi-
ent [27,179]. Subsurface heterogeneity results in significant varia-
tion in hydraulic conductivity (K), resulting in low permeability
zones where groundwater velocity will be even lower than
0.1 m/day, limiting nZVI mobility. Column experiment pore veloc-
ities ranging from 15 to 35 m/day [76,170,185] up to 260 m/day
have been reported [156,191,202]. Although these experiments
are quicker to complete, they are not representative of nZVI trans-
port at field sites. There have been several recent column studies
reporting high concentration nZVI injection at realistic pore veloc-
ities. Berge and Ramsburg [179] reported column experiments
showing good mobility of nZVI emulsions at velocities of 0.4 m/
day, a velocity that could occur within a few meters of an injection
well [179]. Their nZVI suspension viscosity was 2.4–9.3 cP which
would be within an acceptable range for field injection. Mobility



D. O’Carroll et al. / Advances in Water Resources 51 (2013) 104–122 115
has varied at low pore velocities in other studies. Post-synthesis
stabilized nZVI (using guar gum) had limited mobility as velocities
decreased to 2 m/day [181] whereas, presynthesis stabilized nZVI
(using CMC polymer) was reported to be mobile at low velocities
(0.1–2 m/day), and at higher concentrations (3 g/L) [203].

Previous studies that utilized high pore water velocities for
nanometal delivery typically did not consider the prohibitively
large injection pressures required to achieve these velocities. Vec-
chia et al. [191] studied the transport of shear thinning polymers
for nZVI delivery and recorded pressures exceeding 60 kPa in col-
umn (46 cm long) experiments using highly viscous injections.
Berge and Ramsburg [179] discussed the effects of viscosity on
injection and the need to minimize solution viscosity, optimize
velocity and minimize pressure during field scale injection, dis-
cussed in Section 8.2. Recent work has also suggested that the high
shear in column experiments, believed to encourage disaggrega-
tion (or re-suspend nZVI deposited in a shallow secondary energy
minimum), may not occur when multidimensional experiments
are conducted due to the additional flow paths provided [19].
Although column studies are unable to replicate all of the complex
phenomena occurring at the field scale they are an important step
in building and validating conceptual models for the prediction of
nZVI transport. Ultimately, these experiments will aid in the design
nZVI injection at field sites, especially when they are performed
under representative subsurface conditions.

6.3. NAPL targeting

Limiting interactions between nZVI and porous media is desir-
able to maximize nZVI mobility. However, once nZVI has reached
the target contaminated zone, sufficient residence time is required
to allow completion of reactions with contaminants. This can occur
due to deposition of nZVI on soil in the contaminated zone, or due
to partitioning of nZVI to the NAPL–water interface. As nZVI is
typically stabilized in an aqueous phase it has a limited affinity
for NAPL. Several studies have investigated the ability of surface
modifiers to ‘‘target’’ NAPL, or preferentially interact with non-po-
lar species. EZVI was designed to surround ZVI by an oil–liquid
membrane that will absorb free phase NAPL bringing nZVI and
NAPL into proximity [26]. Reductive dechlorination associated
with nZVI requires that water (or another proton donor) be pres-
ent. Thus, nZVI will be the most reactive at the interface of NAPL
and water. Partitioning of nZVI the NAPL–water interface has been
achieved using hydrophilic and hydrophobic polymers adsorbed to
the nZVI, reducing the energy of this surface. These formulations
had an increased affinity for hydrophobic coated sand grains
[167]. A study evaluating the targeting tendencies of more widely
used and inexpensive polymers (e.g., PAA, CMC) [154] suggested
that ideal polymers would maintain low interaction with soils to
enhance transport and exhibit slight hydrophobicity to increase
affinity for NAPL. Berge and Ramsburg [179] developed an nZVI
emulsion that was hydrophobic, and could partition to NAPL. They
were able to achieve reductive dechlorination within a NAPL using
an nZVI emulsion. Consideration of the potentially negative
impacts of DNAPL mobilization and subsequent sinking, especially
when using high injection pressures, surfactants, and high viscos-
ity solutions, need to be considered when using any of these NAPL
targeting techniques [179].

7. Simulation of nZVI transport

Numerical models can be valuable tools for design of remedia-
tion schemes at contaminated sites. Once validated, these models
can reduce the need for costly treatability studies and avoid costly
errors such as the implementation of inappropriate or ineffective
remediation methods. To date, no comprehensive numerical model
has been developed for the prediction of nanoparticle transport
and remediation. The limited model development to simulate
nanoparticle transport and reactivity completed to date has been
predominantly applied to small batch experiments or one-dimen-
sional column experiments [12,66,156,158].

Many of the models developed are based on colloid filtration
theory (CFT), which was originally developed for water treatment
[204] and has been widely used to describe physicochemical filtra-
tion in porous media. The colloid filtration process is incorporated
into the advection-dispersion equation as a first order attachment
term:

@C
@t
¼ DH

@2C
@x2 � vp

@C
@x
� KAttC ð16Þ

where C is the nZVI concentration in the solution (M/L3), DH is the
hydrodynamic dispersion (L2/T), vp is the pore water velocity (L/
T), t is time (T), KAtt is the rate at which nZVI attaches or is deposited
on available collector sites (1/T).

KAtt ¼
3ð1� hwÞ

2d50
agovp ð17Þ

where d50 is the median collector grain size (L), hw is the volumetric
water content (–) and go is the theoretical collision efficiency (–). go

is defined as the ratio of particles striking a collector to those
approaching the collector. It is calculated by considering the cumu-
lative effects of diffusion (i.e., Brownian motion), interception, and
gravity on the particle as it passes by an ideal collector, e.g.
[195,201,204]. The dimensionless parameter a is the sticking effi-
ciency (–), which is the ratio of colloids that stick to the collector
to those that strike the collector. go can be estimated using a variety
of approaches [195,201,204,205] whereas a is typically a fitting
parameter. Many researchers use the steady state analytical solu-
tion to Eq. (17) to quantify the sticking efficiency in nanoparticle
mobility studies:

a ¼ �2
3

d50

ð1� hÞLgo
lnðC=C0Þ ð18Þ

where L is the length of porous media (L), and C/C0 is the maximum
normalized effluent concentration.

A number of studies have used CFT to interpret results from col-
umn studies and extrapolate to maximum nZVI travel distance in
the field (calculated as the distance needed for nZVI concentration
to reduce to 0.1% of the initial concentration). Column studies have
used bare nZVI [158,181,186], postsynthesis stabilized nZVI
[76,158,167,181,186,191] as well as presynthesis stabilized nZVI
[170,203]. One common method to compare experimental results
has been to compare the sticking coefficient fitted using Eq. (18).
Fitted sticking coefficients have ranged from 0.1 to 1.0 for bare
nZVI, 0.002 to 0.07 for postsynthesis stabilized nZVI and 0.0003
to 0.0023 for presynthesis stabilized nZVI [76,158,170,186]. Appli-
cation of Eq. (17) assumes that nZVI particles are stable in suspen-
sion (i.e., no aggregation or settling). A number of studies have
found that this is not the case. At high nZVI concentrations (above
1 g/L), aggregation and deposition can become a dominant removal
mechanism in comparison to particle–soil interactions, due to the
increased number of particle/particle interactions [76]. Given that
CFT does not account for particle–particle interactions, it should be
used with caution for the prediction or interpretation of unstable
nZVI transport [76]. It should be noted, however, that studies have
been able to interpret some nZVI transport experiments using CFT
since nZVI was colloidally stable in these studies [170].

A goal of several studies has been to improve the understanding
of particle aggregation or temporal changes in aggregate size, with
an ultimate goal of modifying Eq. (17) to incorporate particle
aggregation. A recent study shows that consideration of nZVI size
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change with time improves interpretation of nZVI transport in col-
umn experiments [203]. Hong et al. [178] observed that stable
aggregates formed in proportion to the total magnetic interaction
and proposed that use of the stable aggregate size, as opposed to
the individual nZVI particle size, would be more appropriate for
the estimation of the collector efficiency (go). A study of iron oxide
nanoparticles indicated that the size of particles during aggrega-
tion and disaggregation can be mathematically described using
an exponential decay function [206]. This work supports earlier
experimental work by Phenrat et al. [74] who showed that unsta-
bilized nZVI quickly aggregated and settled in time resolved
UV-light absorption experiments. Models based on the solution
of Eq. (17) can utilize this relationship, updating go to reflect the
aggregating particle size in time. It has also been shown that the
aggregation rate increased with larger initial particle size [180].

Phenrat et al. [207] developed an empirical correlation for
changes in nZVI aggregate size during transport in porous media.
However, this correlation requires specification of a large number
of system parameters (e.g., geologic, hydrologic, and geochemical)
in addition to a number of small scale parameters that can vary
widely depending on subsurface conditions. Given that this corre-
lation was calibrated for a reasonably small range of the parame-
ters, model prediction would likely only be valid within the
calibration range. Another study has proposed a statistical
approach to account for bimodal particle size distributions
requiring solution of the CFT equation for each particle size sub-
population [208]. More research is needed to develop more funda-
mental understanding of the nZVI aggregation processes.

Not all studies have applied CFT to predict nZVI transport. Kanel
et al. [209] successfully used SEAWAT [210] to predict the down-
ward migration of nZVI, due to density contrasts, observed in 2-D
sandbox experiments. However, SEAWAT simulates density effects
associated with dissolved salts, not suspensions of particles. Other
variations of the nZVI technology that will require a novel model-
ing approach include the simulation of viscosity changes associ-
ated with shear thinning fluids in the stabilization suspension
[202]. Prediction of nZVI transport, whether or not in the frame-
work of CFT, must also account for particle-particle as well as par-
ticle–collector interactions.

Although many studies have simulated nZVI transport in con-
trolled laboratory experiments, there are currently no published
modeling studies of nZVI transport at the field scale. Before nZVI
fate and transport models can be confidently used in design of field
scale remediation, the models need to be validated using data from
well monitored field investigations. Given the complex redox reac-
tions involved in nZVI remediation, it is likely that there will be a
need for the development of models that will go well beyond sim-
ple application of CFT and include particle-particle interactions,
particle–soil interactions, and reactions with contaminants and
other groundwater constituents.
8. nZVI field applications

The first field scale injections of nZVI used unstabilized nZVI
leading to limited mobility [27]. More recent field scale studies
have utilized a variety of stabilizers, improving nZVI transport
[18,25,184,211]. Although nZVI has been injected at a number of
sites, many of the test sites reported in a recent EPA database
(26 in total) do not have associated publications or technical
reports [212]. Details from 8 studies have been presented in aca-
demic journals and limited information has been provided for 13
others in the form of conference papers, conference presentations,
reports, and other technical reports that have been made publically
available but not peer-reviewed. According to a recent report pub-
lished by the National Institute of Environmental Health Sciences
there have been 44 sites worldwide where nano-materials have
been injected into the subsurface for remediation purposes [213].
With the growing number of bench scale feasibility studies report-
ing mobile nZVI, this number is likely to grow.

8.1. Early studies of nZVI in the field

Initial nZVI field studies used unstabilized nZVI [27,28] that has
since been shown to rapidly aggregate and settle out of suspension
[74]. In the field, this translates into rapid deposition of nZVI with-
in the wellbore, limiting mobility. In one field study nZVI was
injected at 1.5 g/L; however, only 10–20 mg/L (expressed as total
Fe) reached monitoring wells at a distance of 1.5 m [27]. Poor
mobility on the order of a few inches to a few feet was believed
to be due to clogging of the well screen by nZVI aggregates [23].
Discrete nZVI particles, present as zero valent iron, were not distin-
guished from soluble iron corrosion products. It is likely that much
of the downstream iron quantified was soluble iron corrosion
products that dissolved near the injection well screen and flowed
to the monitoring location. In a subsequent study nZVI was
injected into a highly conductive fractured bedrock with a reported
estimated radius of influence from the injection to be 6–11 m
based on ORP readings, although the ORP readings outside the
injection well rebounded shortly after injection [28,214]. Recent
work has questioned the interpretation of ORP data as evidence
of successful nZVI emplacement during field application, suggest-
ing that the highly complex redox response indicates nZVI corro-
sion and transport of these corrosion products and not transport
of the nZVI particles themselves [215]. Early studies evaluating
nZVI injection only briefly address mobility and delivery, primarily
focusing on reaction of target contaminants. Target VOC removal
efficiencies were reported to be 36–96% [28,214], where removal
efficiency is defined to be the observed aqueous phase VOC con-
centrations normalized to the baseline concentration. These re-
moval efficiencies were sustained for three months, although the
most successful results were observed in the injection well.

To effectively monitor remediation, more rigorous monitoring
will be required as concentrations within the injection well are
not an accurate indication of formation contaminant concentra-
tions. In many studies nZVI likely deposited in the well screen,
and monitoring VOC degradation at the injection well may only
have been measuring degradation through the well screen, which
effectively acted as a PRB. In one study [214], VOC concentrations
in the monitoring well 6 m down gradient continued to decrease
for two months after injection, although the contributions of up
gradient reaction with nZVI and biological activity, followed by
transport of degradation products downstream, is not discussed.
The evaluation of the success of nZVI delivery in field scale appli-
cations is further complicated by widely spaced monitoring well
locations and the inability to directly identify nanoparticles, rely-
ing instead on indirect evidence of nanoparticle transport (e.g.,
ORP).

These first studies were reported as successes with limited dis-
cussion addressing challenges associated with nZVI application at
the field scale [27,28,214]. There is a significant need for field stud-
ies that demonstrate rigorous site characterization, optimization of
on-site injection infrastructure, design of injection fluid properties,
and reporting methods in order to reduce the uncertainty associ-
ated with nZVI delivery.

8.2. Improvements to field scale nZVI delivery

Rapid nZVI aggregation in early field studies likely caused nZVI
to travel less than a meter upon injection [23], partially contribut-
ing to nZVI not being widely accepted in the remediation commu-
nity. Several field scale studies have been conducted to evaluate
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the use of stabilized nZVI, with promising results in comparison to
early studies [18,25,184,211]. These studies have used nZVI injec-
tion concentrations ranging from 0.2 to 30 g/L [18,25,26,182–184].
However, field studies to date lack definitive evidence of nZVI
mobility at the intended radius of influence and uniform nZVI
spreading within the treatment zone.

Henn et al. [211] observed ‘‘black stained’’ water, a color indic-
ative of nZVI, in a monitoring well 1.06 m from an injection point.
Post-injection slug tests confirmed that the injection wells were
not significantly impacted by well clogging, suggesting the nZVI
was mobile. However, at other monitoring points, located between
0.75 and 1.5 m from injection wells, no black color was observed.
Other studies report lower than expected travel distances using
postsynthesis stabilized nZVI, e.g. [182,216] and nonuniform travel
to target monitoring wells, e.g. [200]. A recent study reported that
stabilized nZVI was mobile in a field test traveling 3 m to a moni-
toring well, aided by a very high 20 L/min injection rate [184].
However, nZVI was not well distributed throughout the targeted
depth of contamination. Most of the nZVI appears to have travelled
through a preferential pathway comprised of coarse sand due to a
15 m screened interval in the injection well.

In the case of He et al. [18], high mobility of presynthesis stabi-
lized nZVI was demonstrated during a field study using two injec-
tion conditions. Using gravity feed and pressurized injections nZVI
was observed in a monitoring well 1.5 m down gradient at break-
through concentrations of 37% and 70% respectively (when
normalized to the tracer) [18]. Use of tracers is important for the
validation of nanoparticle transport models and in the determina-
tion of nZVI deposition in the subsurface. Their study also reported
that nZVI was not detected in a monitoring well 3 m down gradi-
ent. However, this well was screened at a depth 1.5 m above the
injection well, suggesting that the nZVI may have moved vertically
as it travelled horizontally. In summary, stabilized nZVI has been
visually confirmed to travel 1 m from an injection well, although
evidence suggests that maximum travel distances of up to 2–3 m
may be achieved in high permeability formations.

Careful control of the hydraulic conditions, and therefore
groundwater velocity, is essential for delivery of nZVI. There is evi-
dence to suggest that under ambient groundwater conditions even
the most stable nZVI is effectively immobile. Bennett et al. [25],
performing a push-pull field test, observed a significant loss of
mobility after a 13 h lag period (i.e., no applied gradient resulting
in a pore water velocity <0.3 m/d) [25]. This nZVI formulation
has been shown to be highly mobile in column experiments
[170] and exhibited good mobility in two other push pull tests in
this field study [25], suggesting that groundwater recirculation
and other methods to promote nZVI spreading in previous studies
[182,211] may be a necessity for nZVI delivery.

The addition of stabilizers to nZVI suspensions can result in col-
loidally stable nZVI that can be transmitted through porous media;
however the addition of stabilizer also affects fluid properties (e.g.
viscosity, interfacial tension) of the injection fluid. Solution viscos-
ity has been reported in very few studies, but can range from
slightly above water (e.g. 5–20 cP) to much higher viscosities
(e.g. 1942 cP [26]), having a significant impact on injection. In-
creased solution viscosity resulting from stabilizers can increase
the head in the injection well, at constant injection rates, or reduce
injection velocities given a constant injection head. Reported injec-
tion pressures during field studies have ranged from low to moder-
ate (e.g. <34.5 kPa [18] to 137.9 kPa [200]) in some injections, but
have reached higher pressures (e.g. 344.7 kPa [183]) when the vis-
cosity of the nZVI suspension is greater.

Highly viscous suspensions can be advantageous to mitigate
against viscous fingering during pressurized injection and have
been demonstrated to emplace EZVI with a reported radius of
influence of 2.13 m [183] compared to 0.45 m using gravity feed.
However, it has also been suggested that highly viscous nZVI sus-
pensions are capable of mobilizing NAPL even at moderate injec-
tion velocities [179], which should be considered in the hydraulic
design of the injection. Another consideration in manipulating
the flow field is the depth of injection and potential daylighting
[183], which renders the injection well unusable for subsequent
injection. Recent nZVI injections have been successful in compari-
son to early field injections which had limited nZVI mobility due to
aggregation. However, unpredictable mobility and inconsistent
subsurface distribution continue to pose problems upon injection.

8.3. Tracking remediation following nZVI injection

Many nZVI field trials have been reported as successes but di-
rect comparison of these studies is challenging, as data reporting
is inconsistent. As was the case with comparison of bench scale
column experiments, comparing pilot scale studies is complicated
due to the use of different types of nZVI, different stabilizers, differ-
ent injection conditions (e.g., injection pressure and rate, injection
well screen length) as well as injection into different geologies
(e.g., fractured rock, sandy aquifer material, and low permeability
media). It is important to develop metrics of nZVI injection success
as well as remediation to facilitate a comparison between field
studies and provide an impartial assessment of this remediation
technology.

There are many uncertainties associated with field scale appli-
cation of nZVI. One significant need is for methods to directly iden-
tify and quantify nZVI (among other nanoparticles [217]) in
environmental systems. Knowledge of the extent of nZVI migration
is required to determine if the injected nZVI is reaching the target
treatment zone. Currently, nZVI transport is often tracked by
observing changes in aqueous geochemistry caused by nZVI reac-
tions [18,27,184]. ORP, pH, total iron, suspended solids, total solids,
and dissolved oxygen (DO) have all been suggested as indicators of
nZVI at field sites. However, none of these parameters alone di-
rectly confirm the presence of nZVI particles. The problem with
these indirect indicators of nZVI presence is that they do not distin-
guish between nZVI particles and dissolved corrosion species and
associated geochemical changes. Due to the significant iron corro-
sion and dissolution this becomes important at the field scale. Sep-
aration of dissolved iron species and nZVI particles is problematic
as stable nZVI particles (e.g. 20 nm) have been reported to pass
filters (e.g. 0.45 lm) commonly used to distinguish dissolved and
total iron [25]. This suggests that methods must be improved to
distinguish dissolved iron species from stable nZVI particles in field
samples.

Changes in ORP have been commonly used to indicate the pres-
ence of nZVI in field studies [27,28,150,184,214] as it becomes
strongly negative following application of nZVI due to iron oxida-
tion (e.g. decreasing to �360 mV and �700 mV in the injection
well following nZVI injection). However, one study [182] observed
no change in ORP after injection, likely because a highly concen-
trated nZVI solution was diluted with tap water that had a high
dissolved oxygen content so that the surface of the iron would
have been oxidized prior to injection and no further iron oxidation
occurred in situ. In some cases ORP response has been interpreted
as successful delivery of nZVI [18,184]. However, a recent study
investigating the temporal evolution of ORP impact from nZVI
has reported that even low concentrations of nZVI (e.g. <50 mg/L)
can lead to significant reductions in measured ORP [215]. The
study reports that at low nZVI concentrations ORP readings are a
mixture of contributions from nZVI as well as dissolved reaction
products (e.g. H2 and Fe2+) [215] which will have different trans-
port characteristics. They also found that with increasing nZVI con-
centration, ORP readings were influenced by the adsorption of nZVI
to the ORP probe [215]. This implies that presence of nZVI in
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environmental samples should not be based solely on ORP but on
multiple lines of evidence.

Other geochemical parameters that have been associated with
the presence of nZVI in field samples include pH and DO. Oxidation
of nZVI in aqueous solution increases aqueous phase pH (Eqs. (6)
and (7)) and can lead to the consumption of oxidants (e.g. dis-
solved oxygen). Several field studies have noted pH increases fol-
lowing nZVI injection [27,28,214], and in some cases has been
suggested as an indicator of the nZVI migration front [184,211].
However, two nZVI field injections resulted in no significant pH
change after injection [182,211]. It is difficult to draw conclusions
from these conflicting reports, as groundwater chemistry can vary
widely (e.g. buffering capacity, oxidant species), and there are
other compounding reactions in the subsurface that can influence
pH. Decreases in DO have been observed following nZVI injection
in several field studies [18,27,182,211]. However, similar to the
discussion related to ORP, low DO measurements may be the result
of upstream nZVI corrosion and subsequent downstream migra-
tion. As such they may not indicate the presence of nZVI.

Success in remediation studies is often based on decrease in
total aqueous VOC concentrations, with reported decreases greater
than 90% in injection wells [218], in some cases persisting for
months after injection. Other studies have reported similarly high
target contaminant removal efficiencies (e.g. 50–99% removal of
vinyl chloride [184]) and have gone so far as to declare site closure
or recourse to monitored natural attenuation following nZVI injec-
tion, e.g. [200]. However, aqueous phase contaminants can be dis-
placed by the injection fluid, pushing contamination out of the
treatment area [25,211]. These studies imply that earlier studies
that report aqueous VOC removal within monitoring and injection
wells need to account for the transfer or displacement of contam-
inated groundwater out of the study area after injection. This dis-
placed water with high VOC concentrations can flow back to the
treatment zone under ambient flow conditions, resulting in
rebounding VOC levels as observed by Mace [218]. For this reason
it has been suggested that nZVI is best utilized when the majority
of contamination exists in a stationary phase (NAPL or sorbed
phase contamination, not aqueous phase [25]).

Another uncertainty in evaluating remediation of chlorinated
solvents using nZVI is determining the contributions from abiotic
and biotic degradation. nZVI injection creates reducing conditions
in the subsurface that are favorable for bioremediation
[18,27,184,211,218]. Injection suspensions commonly contain a
polymer (or other substrate) that is readily biodegradable. Rapid
decreases in VOC concentrations are typically associated with abi-
otic degradation [18,26,211]. However with time concentrations
may rebound over an intermediate period [18,211,218] prior to
the onset of biodegradation [18]. Other studies report similar long
term declining VOC trends and increases of reaction products, con-
firming that some remediation occurs up to 19 months after nZVI
injection [26]. There is a need to better distinguish abiotic and bio-
tic degradation and to determine the impact of nZVI on biological
activity to assess the utility of applying nZVI over some other type
of biostimulation technology.

There are many groundwater constituents that interact with
nZVI; however many of these interactions are not well understood
or otherwise cannot be individually isolated in natural systems.
The presence of naturally occurring groundwater species (e.g. ni-
trate, nitrite, sulfate) are examples that may affect nZVI reaction.
Interpretation of data in the field is further complicated by reaction
products from bioremediation [18,26,211] as well as processes that
dilute and disperse groundwater constituents. Due to the complex-
ity of subsurface biogeochemistry, analysis of dissolved light
hydrocarbons (e.g. methane), anions (e.g. nitrate, sulfate), volatile
fatty acids, as well as total organic carbon, have become common
baseline analytes to evaluate bioremediation in field studies utiliz-
ing nZVI [183]. This is in addition to analysis of VOCs, anions, ORP,
pH, total iron, suspended solids, total solids, and DO. No supporting
studies to date have presented evidence to suggest that application
of nZVI will elicit a predictable and reliable response from any of
these parameters, given pre-injection biogeochemistry.

To draw conclusions about remediation, an extensive monitor-
ing plan is often used employing many of the aforementioned
parameters. Field studies have sampled daily to weekly to evaluate
abiotic remediation [18,25,184,211], and quarterly to biannually to
evaluate nZVI induced bioremediation [18,26,183,184,211].
Though with relatively few supporting lab studies that investigate
the complex effects of nZVI with constituents in the subsurface, e.g.
[215], it is difficult to conclusively evaluate nZVI performance. Fu-
ture nZVI pilot projects should complement field monitoring with
supporting bench scale experiments and investigations to fill the
knowledge gaps in nZVI implementation including the effect of
nZVI on pH, DO, ORP, dissolved Fe, and other groundwater constit-
uents. There is also a need for field investigations to demonstrate
the technology using established field techniques in order to devel-
op definitive metrics of success for field scale injection. These stud-
ies would aid in informing practitioners of effective methods to
monitor and apply nZVI in the field, leading to successful
remediation.
9. Summary and outlook

Significant potential has been demonstrated for the application
of nanometals for the remediation of a wide range of priority pol-
lutants in controlled laboratory experiments. However, nanometal
technology has not achieved widespread commercial application
for a number of reasons. Rapid aggregation and settling of nZVI,
leading to poor subsurface mobility has been a problem. In addi-
tion, reaction of nZVI with a number of natural groundwater con-
stituents has led to decreases of the reducing equivalents
available for reaction with the target contaminants. These prob-
lems pose the greatest challenge to the nZVI technology, resulting
in ineffective delivery of nZVI particles to the contaminants and
reducing the effectiveness of nZVI. Another issue is the high cost
associated with synthesis of nanometals for field application. This
cost continues to decrease as new sources of nanometal raw mate-
rials are found (e.g., new suppliers, alternative raw materials).
Lastly, displacement of dilute contaminant plumes upon nZVI
injection has been observed at some sites, suggesting that nZVI
technology may be better suited to source zones rather than dilute
plumes.

Additional research is needed at all scales (i.e., nanoscale to field
scale) to improve the understanding of the potential of nanometals
for remediation. At the nanoscale, an improved understanding of
the governing chemical reactions and physical mechanisms gov-
erning transport will ultimately translate into success at the field
scale. More field applications are required with detailed character-
ization before and after nZVI injection to assess nZVI mobility and
the extent of contaminant destruction. All of this information will
aid in the development and validation of numerical models that
can be used to predict remediation at a wide range of field sites.

The research and development to date highlights the significant
promise of nanometal technology for contaminated site remedia-
tion. Future research in nanotechnology is expected to lead to
new advances in bimetallic particles, improved stabilizers, and im-
proved formulations for enhancing partitioning of nZVI to NAPL.
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